The terminal steps of anaerobic microbial decomposition can occur via several alternative processes, includAnaerobic microbial processes play particularly important roles in ing denitrification, sulfate (SO 2Ϫ 4 ) reduction, and methathe biogeochemical functions of wetlands, affecting water quality, nutrient transport, and greenhouse gas fluxes. This study simultanenogenesis (Fenchel et al., 1998; Megonigal et al., 2004) , ously examined nitrate and sulfate removal rates in sediments of five and thermodynamic constraints on energy yields detersouthwestern Michigan wetlands varying in their predominant water mine the competitive ability of the microbes that perform sources from ground water to precipitation. Rates were estimated these processes. In anaerobic sediments, denitrification using in situ push-pull experiments, in which 500 mL of anoxic local is the most energetically favorable form of respiration; (Kelly and Rudd, 1984; Mitsch et al., 2001; Hey, 2002 
remarkably small area of wetland sediment can strongly influence water quality, such as in the cases of narrow riparian zones or small spheric deposition are greatly enhanced due particularly isolated wetlands, which may be excluded from legal protection.
to fossil fuel combustion (Boyer et al., 2002; Mayer et al., 2002) . These increased loadings represent a biogeochemical perturbation with interesting consequences for ecosystems, including greater N availability for plant W etlands are often situated at points of ground growth, albeit sometimes to the point of toxicity (Fenn water recharge and discharge or along streams et al., 1998), as well as acidification of poorly buffered and rivers, and thus biogeochemical processes in wetwaters and soils and enhancement of redox transformalands can affect downstream water quality, as for examtions, all with multifarious impacts on elemental cycling. ple by removing nutrients (Peterjohn and Correll, 1984;  Greenhouse gas emissions are also potentially affected Tobias et al., 2001a; Zedler, 2003) . Nitrate (NO Ϫ 3 ) reby the increased production of N 2 O, as well as inhibition moval by wetlands has received particular attention beof methanogenesis by the competitive superiority of cause of the escalating problem of NO Ϫ 3 contamination denitrifiers and SO 2Ϫ 4 reducers (Conrad, 1996) . of drinking water supplies, and the growing recognition A critical question for wetland management and prothat nitrogen (N) pollution of rivers causes eutrophicatection is the role of these anaerobic processes in reduction of marine coastal waters, leading to problems such ing N and S pollution and thereby providing improved as harmful algal blooms and oxygen depletion (Howarth water quality at the landscape level, but our understandet al., 1996; Mitsch et al., 2001 ). Most of the NO Ϫ 3 reing has been limited by the difficulty of measuring in moval is attributed to denitrification, a form of anaerositu process rates and the tendency for investigations to bic bacterial respiration and a major source of atmofocus on only one of these processes. Many methods spheric nitrous oxide (N 2 O), a potent greenhouse gas have been used to estimate the nature and rates of (Groffman et al., 2000) .
anaerobic decomposition in sediments, including analysis of dissolved H 2 concentrations (Lovley and Goodwin, vertically to a depth of 10 cm below the sediment surface by a mix of rice cutgrass, hairy sedge, broadleaf arrowhead (screen depth was 6-13 cm deep after installation) at least 2 d (Sagittaria latifolia Willd.), and spikerushes. The water levels before the experiment began to ensure an anaerobic environin Lux Pond 10 dropped during the study, exposing sediments ment surrounding the screen. Upon installation, 20 mL of along the edges, but the pond never dried, and the sampling porewater was pulled out of the well to flush and fill the filter points were located in areas that always had standing water.
and tubing with porewater, thus avoiding oxygenation of the Since 1996 the water levels have varied over 1.4 m. Successediment. The sediments at all sites appeared to seal adesional forests and fields surround this site.
quately around the well and tubing, and no packing or backfillShaw Pond is an isolated depression west of Otis Lake in ing was required. Porewater was withdrawn to measure ambithe Barry Game State Area, about 22 km north of KBS. This ent concentrations of NO Ϫ 3 , SO 4
Ϫ2
, Br Ϫ , and DOC. Sediment pond is surrounded by deciduous forest on sandy soils. The temperature profiles were measured at each well site using a dominant vegetation during wet years was a diverse mix of probe that was inserted nearby. submersed and emergent aquatic plants [particularly fragrant
Before injection, the ground water solution was sparged water lily (Nymphaea odorata Aiton), spatterdock, and pondwith ultrapure He for at least 1 h to remove dissolved oxygen. weeds (Potamogeton spp.)]. There were also some emergent Five hundred milliliters of the solution was transported to the grasses and spike rushes that encircle the wetland, and these species expanded into exposed sediments when water levels field in a set of 60-mL syringes. The anoxic solutions were were low in 2000. The pond was entirely dry during late summer pushed by syringe through the wells and into the sediment 1999 through the summer of 2000, but flooded again in late over the course of 10 to 15 min (33-50 mL min Ϫ1 ).
During the summers of 2001 and 2002, standing waters
Samples were immediately withdrawn by syringe after the were 30 to 75 cm deep. All sampling points remained underpush phase and were periodically withdrawn over time for up water during the sampling periods of this study.
to 48 h after the initial injection. For each sampling, the filter and tubing were first flushed by removing 5 mL of the solution, then 20 mL of the porewater was collected for analysis. The
Experimental Procedures
samples were filtered in the field through 0.2-m membrane To determine the potential of various wetlands to remove (sterile Millex-gs; Millipore, Billerica, MA) syringe filters and NO Ϫ 3 and SO 2Ϫ 4 from inflowing waters via denitrification and cooled to 4ЊC until analysis. Samples were analyzed for Br Ϫ , sulfate reduction, we injected local ground water containing NO into wetland sediments in the field using a raphy. Selected samples were also analyzed for DOC by highmodification of the push-pull method previously used to study temperature platinum-catalyzed combustion to CO 2 followed biogeochemical reaction rates in contaminated aquifers. The by infrared gas analysis. injections were done during the summer and thus represent For each experiment, we calculated NO Ϫ 3 and SO 2Ϫ 4 removal a synoptic survey during the season of mild temperatures and rates based on Br Ϫ , NO Ϫ 3 , and SO 2Ϫ 4 concentrations (Snodgrass high biological activity. The experimental injection involves and Kitanidis, 1998). Both zero-and first-order rate models a "push" and a "pull" phase (Snodgrass and Kitanidis, 1998) .
were fit to the data and the model with the best fit was selected In the "push" phase, a solution containing a reactive solute to determine potential rates; in most cases the choice was and a conservative tracer is injected (pushed) into the satuobvious. Linear regressions were performed in SYSTAT 9.0 rated zone of the sediments. The injection solution is dispersed software (Systat, 1998) , and the regression slopes were always and diluted as it mixes with the ambient porewater. Concentrasignificant at P Ͻ 0.05. For the case of these enzymatically tions of the reactant may be changed by both microbial activity catalyzed reactions, an apparent zero-order fit would repreand dilution, and the dilution occurs by both advection and sent a reaction that would be first-order at lower concentradiffusion. The "pull" phase begins immediately after the injections of NO
4 , but has become saturated (i.e., limited tion solution has been introduced. Consecutive porewater by some other factor, such as labile organic matter) at higher samples are extracted from the same well over time, and the concentrations of NO Ϫ 3 or SO remove the effect of dilution as follows:
where C 0 reactant and C 0 tracer are the concentrations of the reactive and conservative solutes at injection and C reactant (t ) and C tracer (t ) are the concentrations measured at time t (Snodgrass and Kitanidis, 1998). All concentrations were background-corrected based on the initial sampling before injection. The rate of decrease in Ĉ reactant (t ) (i.e., the removal rate) is described by the zero-order decay equation:
The plot of Ĉ reactant (t ) versus time will fall on a straight line, with the linear regression slope equal to the reaction rate, if the solute disappears under zero-order kinetics (Snodgrass and Kitanidis, 1998) .
In wetlands where nitrate and sulfate removal were better fit to the first-order reaction model, the change in concentration of the reactant C reactant (t ) can be modeled using an exponential function:
The slope of a linear regression line fit to the plot of ln [C reactant (t )/C tracer (t )] versus time will give an estimate of the first-order reaction rate k. Since k is based on the ratio of C reactant /C tracer , complete tracer mass recovery is not necessary to obtain accurate estimates (McGuire et al., 2002) .
The analyses described above assume that: (i) the solutes are injected simultaneously in a well-mixed slug; (ii) the time required to inject the solution is short compared to the overall length of the experiment; (iii) the dominant processes are advection, dispersion, and constant-coefficient zero-or firstorder reactions; (iv) the background concentrations of SO observed differences in removal rates among sites.
To be sure that there were no significant reactions of the Nitrate removal occurred as a first-order reaction (i.e., conservative tracer Br Ϫ with wetland sediments, we added removal was proportional to concentration) in all but Br Ϫ at concentrations similar to those used in the push-pull one case (Table 2) rates. The other wetlands varied in their potential to remove NO Ϫ 3 but the differences were not significant
RESULTS
(ANOVA, P ϭ 0.076). There was no difference between wetlands grouped by ground water and precipitation All wetlands had the potential to remove NO Ϫ 3 and SO 2Ϫ 4 and did so in the order predicted by thermodynamwater sources (P ϭ 0.37). Sulfate removal rates exhibited either zero-or firstics (NO Ϫ 3 first, followed by SO 2Ϫ 4 ). Nitrate disappeared rapidly without any lag time and was depleted to below order reaction rate kinetics depending on the water source of the wetland. In the ground water-fed wetdetection limits (10-15 g N L
Ϫ1
) within 5 to 20 h (see examples in Fig. 1 and 2 ). Sulfate removal commenced lands, SO 2Ϫ 4 removal was a zero-order reaction (i.e., independent of concentration), while in precipitationonly after NO Ϫ 3 had been depleted in 14 of the 16 experiments done in the five wetlands. In 9 of the 16 experifed wetlands SO 2Ϫ 4 was removed by first-order reaction kinetics (Table 3 ). The ground water-fed Turkey Marsh ments, including the example in Fig. 2A , apparent SO 2Ϫ 4 concentrations than surface waters, even at sites that were close to 100% ground water-fed. Nitrate was below the ion chromatography detection limit of 10 to 15 g N L Ϫ1 in all background samples, and below or close to this limit in surface waters of these wetlands. An influx of surface water into the samples withdrawn during the experiments would not explain the observed increase in SO 2Ϫ 4 concentrations during the period of NO Ϫ 3 removal because concentrations in overlying water were so low. Also, the appearance of the excess SO 2Ϫ 4 does not correspond with the most frequent sampling, which would cause the greatest potential for surface water to be drawn into the sediments. used in the push-pull experiments showed no evidence for nonconservative behavior (Table 4 ). There were no had significantly higher rates of SO 2Ϫ 4 removal than statistically significant differences between sampling ground water-fed Loosestrife Fen (P ϭ 0.014), but there time points. The variation was probably due to imperwere no significant differences among the precipitationfectly mixed porewaters in the jars and analytical error fed wetlands (P ϭ 0.18). associated with the ion chromatography. Dissolved organic carbon measurements indicate that the porewater DOC pool was diluted on injection of ground water into the sediments (data not shown). In
DISCUSSION all cases DOC concentrations decreased after injection
The push-pull experiments demonstrated that all of and then returned to concentrations close to backthe wetlands have the potential to rapidly remove ground toward the end of the experiment. We did not NO Ϫ 3 and SO 2Ϫ 4 at concentrations found in ground water determine how labile the DOC in the injection solution or precipitation inputs. Added NO Ϫ 3 and SO 2Ϫ 4 were was compared to DOC in the sediment porewater, but depleted within 5 to 20 h or a few days, respectively, it seems likely that the injected ground water did not demonstrating that only short residence times (and thus flow paths) are necessary for these sediments to produce is supdecomposition. Since denitrification yields more energy ported by recent research, mostly in marine ecosystems in the process of anaerobic respiration, denitrifiers (Fossing et al., 1995; Martin and Brigmon, 1994 ; Bonin, should have a competitive advantage and SO 2Ϫ 4 reduc-1996; Phillipot and Højberg, 1999; Zopfi et al., 2001 ) but tion should be limited until NO Ϫ 3 has been depleted. All also in fresh waters (Megonigal et al., 2004) . It remains of the push-pull experiments clearly exhibited this reuncertain whether S-oxidizing bacteria involved in sponse, with SO 2Ϫ 4 removal only commencing after NO Ϫ 3 uptake are denitrifiers (i.e., they reduce NO Ϫ 3 to NO Ϫ 3 had been depleted (e.g., Fig. 2) .
N 2 ), or produce ammonium in a form of dissimilatory Microbial transformation is likely to be the principal reduction of nitrate to ammonium (DNRA), and there process responsible for NO Ϫ 3 removal, as opposed to is evidence that they may be able to switch between assimilation by microbes or plant roots. Sediment porethese pathways (Brunet and Garcia-Gil, 1996; Dannenwaters in these sites were generally very rich in ammoberg et al., 1992; Otte et al., 1999) . nium (often between 200 and 1000 g N L Ϫ1 ), a preferred If the S-driven NO Ϫ 3 uptake is a form of denitrificanitrogen source for assimilative uptake by microbes, and tion, the initial oxidation step may proceed with the activity of plant roots was likely limited at most sites befollowing stoichiometry (Fossing et al., 1995 ): cause to the extent possible we avoided sampling close 5HS Ϫ ϩ 2NO 3 Ϫ ϩ 7H ϩ → 5S o ϩ N 2 ϩ 6H 2 O to plants. While this was difficult in some sites (e.g., Turkey Marsh, where spatterdock rhizomes were abunThe resultant elemental S may be stored in the cells dant), other sites were devoid of nearby vegetation and before being oxidized on to SO 2Ϫ 4 in a separate step. yet the pattern of NO Ϫ 3 removal was similar across all Further oxidation of the elemental S to SO 2Ϫ 4 could sites. Furthermore, we have found similar uptake rates occur by this reaction (Fossing et al., 1995) : in intact, root-free sediment cores brought to the labora- If these two reactions occurred sequentially, the molar removal in wetlands and other saturated sediments is ratio of NO Ϫ 3 consumed to SO 2Ϫ 4 produced would be 8:5 often assumed to be denitrification to N 2 (and N 2 O as (ϭ1.6) as in this combined reaction: a byproduct) via anaerobic respiration (respiratory de-
, in which NO Ϫ 3 serves as an alternate electron acceptor for the oxidation of organic matter, and However, over the short time course of our experieither NO Ϫ 3 or labile carbon can be limiting factors. The ments, it is possible that at least some of the sulfide apparent production of SO 2Ϫ 4 observed in about half of could have been oxidized only to elemental S. our experiments as NO Ϫ 3 was removed suggests that at If sulfur-oxidizing bacteria used NO Ϫ 3 to carry out least part of the NO Ϫ 3 removal was somehow linked to DNRA, the N would remain in biologically available SO 2Ϫ 4 production or consumption. This observation is form and thus the NO Ϫ 3 removal would not be permaworth further consideration because it could indicate nent, in contrast to the denitrification reactions given that the NO Ϫ 3 removal was not only due to respiratory above. Dannenberg et al. (1992) observed molar ratios denitrification, and if at least part of the NO Ϫ 3 is conof SO 2Ϫ 4 production to NO Ϫ 3 consumption that were close verted to ammonium, the removal may not be a permato unity in cultures of Desulfovibrio desulfuricans that nent N sink.
produced ammonium from NO Ϫ 3 in conjunction with sulfide oxidation. DNRA is generally thought to be sigTwo alternative hypotheses could explain the coinci-nificant in highly reducing environments capable of maintaining sustained anaerobic metabolism (Tiedje, 1988) , which might include the sediments of biologically productive wetlands. DNRA could be in direct competition with denitrification for NO Ϫ 3 , especially in anoxic saturated sediments (Nijburg et al., 1997) . Even though the conditions for DNRA are similar to those for denitrification (reduced environment, available NO Ϫ 3 , and labile organic substrates), DNRA is thought to be favored in nitrate-limited, carbon-rich environments while denitrification is favored when carbon is limited in availability (Kelso et al., 1997; Silver et al., 2001) .
Few studies have examined S-driven DNRA in freshwater systems. Freshwater wetlands are low in S compared to marine systems, but can contain enough to support significant S transformations, as has been demonstrated near our study sites (e.g., Lovley and Klug, 1983) . Brunet and Garcia-Gil (1996) found that in the water column of a stratified lake, NH , Bonin, 1996; Tobias et al., 2001b; Silver et al., 2001; An and Gardner, 2002) , although these studies have not elucidated whether the apparent DNRA was linked to S transformations. In contrast, Yin et al. (2002) found that DNRA could not account for most of the NO Ϫ 3 removal in freshwater sediments from rice paddies. production compared to NO Ϫ 3 removal (Fig. 3) . Expected concentrations were calculated as the product of the observed Br Ϫ concentra-M in the upper 20 cm (Whitmire, 2003) . Considering tion and the ratio of NO ing to wetlands could prove to be linked to larger popuPorewater dissolved sulfide concentrations were mealations of sulfur-transforming bacteria that would consured in these wetlands using porewater equilibrators, tribute to rapid removal of episodic NO Ϫ 3 inputs. If, on and the sites with the most marked SO 2Ϫ 4 production the other hand, the observed SO 2Ϫ 4 production proves had relatively high sulfide concentrations compared to to be caused by competitive interactions between denitrifiers and SO 2Ϫ 4 reducers, then the increased denitrifiother local wetlands, generally ranging from 10 to 60 source for the wetland. Sulfate reduction via anaerobic production for the two examples shown in Fig. 1, 2, and 3 4 are higher tions could be maintained in these systems in several in local ground water than in precipitation, and two of ways. First, the in situ mineralization of organic sulfur these wetlands are primarily ground water-fed. Howcompounds could allow SO 2Ϫ 4 production and consumpever, NO Ϫ 3 concentrations in surface-water and porewater samples were rarely above the analytical detection tion to be tightly coupled (Fenchel et al., 1998 (Seitzinger, 1988; Sim-1997) . Average SO 2Ϫ 4 concentrations in the surface wamons et al., 1992; Hill, 1996; Hedin et al., 1998) . In one ters of these wetlands vary but are generally higher study of a coastal marsh system, NO Ϫ 3 removal was 90% (Table 1) , and hence surface water could provide a complete within the first 50 cm of the marsh near the source of SO 2Ϫ 4 to the sediments. Porewaters were alupland boundary (Tobias et al., 2001b) . Results from ways depleted in SO 2Ϫ 4 relative to the overlying surface another study showed that a narrow riparian zone of a waters, suggesting consumption in the sediments. Over few meters width along a small stream was the most longer periods, diffusion between overlying water and important location for NO to the porewater environment, as has water reached the more central sampling locations in been found in shallow lakes (Kelly and Rudd, 1984) . this study. Episodic inputs of NO Ϫ 3 via precipitation falling directly onto the wetland might also be subject to Caveats Concerning the Bromide Tracer rapid removal, especially in wetlands with shallow water columns where contact with the sediments is greater.
Caveats concerning the use of Br Ϫ as a conservative The finding that potential NO Ϫ 3 removal rates are high tracer in push-pull experiments include its potential where NO Ϫ 3 concentrations are evidently low most or inhibitory effect on microbial processes (Groffman et all of the time suggests that NO Ϫ 3 is either produced and al., 1995) and the possibility of sediment or plant uptake, consumed in a tightly coupled way, that episodic inputs which may confound results (Kung, 1990 
